ABSTRACT: Mediterranean salt marsh macroinvertebrate assemblages are abiotically filtered due to harsh environmental conditions. We hypothesized that in these environmentally fluctuating systems, biotic interactions would have more relevance than abiotic ones and that size-based interactions would dominate. The manuscript focuses on the response to biotic and abiotic factors of 2 diversity metrics: (1) one that relies on species identity (Shannon-Wiener diversity), and (2) another based on the shape of biomass size spectra (size diversity). Benthic macroinvertebrates (organisms >1 mm) were the target group of this study and were sampled monthly in 6 basins during 2 flooding cycles (from October 1997 to July 1999). The high inter-annual variability characteristic of Mediterranean systems revealed the robustness of the observed patterns. Abiotic and biotic interactions appeared to be significant for both diversity metrics, with species diversity more abiotically controlled than size diversity. The relationships between size diversity and environmental variables were more interannually stable than those for species diversity. Only water total organic carbon had a robust relationship with species diversity, but dissolved inorganic nitrogen and predatory pressure had a robust relationship with size diversity. Additionally, size diversity had a significant succession pattern related to days after flooding (time), whereas species diversity did not. Our results suggest that in abiotically filtered environments, macroinvertebrate size-based interactions become especially relevant.
INTRODUCTION
The Shannon diversity index is the most widely used diversity metric for community studies, and is frequently employed to assess environmental effects on ecosystems (e.g. Terlizzi et al. 2005 , Forster et al. 2006 , Heino et al. 2007 ). However, it has been suggested that the challenge is to measure diversity not only with a single measure (such as taxonomic-based indices), but also to incorporate other concepts that offer a complementary perspective (for example giving information about trophic structure), so that our knowledge of ecosystem processes is improved (Purvis & Hector 2000) .
Body size is among the most important attributes of an organism from an ecological and evolutionary point of view (Werner & Gilliam 1984) . Several authors have noted the relationship between body size and physiological and ecological processes (Peters 1983 , SchmidtNielsen 1984 , Roa & Quiñones 1998 , and therefore the use of body size when studying community structure processes is reliable (Dickie et al. 1987) . Moreover, at the community level, biomass size spectra could be parameterized with body mass-trophic level relationships and used to describe the trophic structure (Jennings et al. 2002) , which can provide information about the ecosystem functioning. Additionally, the use of body size to study community structuring seems advantageous over the traditional taxonomic approach, since body size can be more directly related to metabolism and energy transfer within communities (Dickie et al. 1987 , Fry & Quiñones 1994 , Gaedke & Kamjunke 2006 . Size diversity has been used in this context to describe the shape of biomass size spectra (e.g. Ichinokawa & Mac Takahashi 2006) , and recently, Quintana et al. (2008) published a methodology describing how to obtain a standardized size diversity measure.
Some studies have reported that salt marshes contain few species compared to other systems like mangroves or seagrass meadows (Bloomfield & Gillanders 2005) . However, low species diversity does not necessarily imply a less structured community. Recent studies on salt marsh zooplankton communities have shown that low species diversity can coincide with high size diversity due to the co-occurrence of different developmental stages of the dominant taxa, each of which has different diets (Brucet et al. 2006) . Assuming that diversity is a function of the total range of resources and the degree of specialization of species to parts of that range, as it is postulated in the Niche Diversification Hypothesis (Connell 1978) , a high size diversity would indicate a trophic niche segregation within stages of the same species, which is impossible to detect using only a taxonomic approach (Brucet et al. 2006 ). In accordance with this, a recent study dealing with benthic macroinvertebrate structuring processes in a salt pan suggested that situations with little or no relationship between niche partitioning and relative species abundance occurred (Barbone et al. 2007 ). On the other hand, it has been suggested that size diversity in brackish water zooplankton communities is mainly related to biotic interactions, such as fish predation or inter-/intraspecific competition, while taxonomic diversity appears to be more sensitive to abiotic factors such as nutrient availability (Badosa et al. 2007 ). Regarding macroinvertebrate assemblages in Mediterranean salt marshes, some studies have pointed out that the shape of size spectra reflects changes in resource availability, which are difficult to detect using a taxonomic approach (Basset et al. 2004 ).
The present study aimed to examine the factors affecting taxonomic and size structures of benthic macroinvertebrate assemblages in abiotically filtered environments, taking Mediterranean salt marshes as a case study. Size diversity and species diversity were used for this proposal. The high inter-annual variability of this system makes it an ideal site to test the robustness of the results observed during a wet and a dry year, and so exemplifying 2 contrasting environmental situations characteristic of Mediterranean systems (Quintana 2002 , Álvarez-Cobelas et al. 2005 . We hypothesized that in these environments, biotic interactions (e.g. predation) would have more relevance than abiotic ones (e.g. salinity), and that size-based interactions would become especially relevant. (1) The harsh environmental conditions characteristic of Mediterranean salt marshes (e.g. variable salinity, water level fluctuations, daily changes in oxygen concentration) would abiotically filter the species present in benthic assemblages. As a result, the species must be adapted to these conditions by having a high range of environmental tolerance, which could imply that abiotic factors may not act as a structuring force. (2) Taxonomic changes respond to abiotic variability, while changes in the shape of size spectra are related to resource availability (Basset et al. 2004 , Barbone et al. 2007 . As a consequence, changes in size spectra would reflect biotic interactions, which we expect to be more important for salt marsh macroinvertebrate assemblages than abiotic variability. Thus, this study had 2 main objectives, i.e. to assess (1) whether there is an effect of biotic interactions and abiotic factors on species and size diversity; and (2) which of these 2 approaches (taxon-based or size-based) can be used to reflect the community structure in an abiotically filtered environment with high environmental fluctuations, in which only few species are present.
MATERIALS AND METHODS
Study site. The Empordà wetlands are located close to the Mediterranean Sea, in the northeast of the Iberian Peninsula (Fig. 1) , and are free from tidal influence. The hydrology is characterized by sudden and irregular floods (by rainfall, inputs from rivers or channels, or sea storms), followed by dry periods, when most of the basins become isolated and gradually dry out. The basins under study are depressions between sand bars in salt marshes, where water accumulates. Their depth varies greatly depending on the flooding regime, but they are usually <1 m deep (Fig. 2) . The basins are flat, and do not communicate directly with the sea. The absence of direct contact with the sea means that small oscillations in the sea level have little influence on these basins. Nevertheless, the basins differ in water permanence, resulting in different typologies: temporary (completely dry every year), semi-permanent (not completely dry every year), and permanent basins (never completely dry). In the Empordà salt marshes, there is a relationship between granulometry and water permanence (Gascón et al. 2005) , because permanent and semi-permanent basins have a higher percentage of sand (mean = 61.1% ± 34.9 SD) than temporary basins (mean = 12.8% ± 7.5 SD) (S. Gascón unpubl. data).
Sampling procedure and processing. The study was undertaken in 6 basins in the salt marshes of Empordà wetlands from October 1997 to July 1999 during 2 flooding cycles with inter-annual differences in the water column depths of the basins (Gascón et al. 2008) : the first flooding cycle (October 1997 to July 1998) had significantly higher water column depths than the second (September 1998 to July 1999). Water, sediment, and macroinvertebrate samples were taken monthly simultaneously from the same sampling sites (Fig. 1) . Sampling was carried out until basins became dry. For the permanent basins, sampling sites were exposed during summer drought due to high water level fluctuation.
Water characteristics. Water depth, temperature, and conductivity were obtained in situ. Water depth was measured using a graduate gauge firmly fixed at the bottom of the basins. Conductivity and temperature were measured with a conductivity meter (CRI-SON 524). One filtered and one unfiltered sample per basin and month) were taken for analyses of dissolved inorganic nutrients (ammonia, nitrite, nitrate, and dissolved reactive phosphorus) and total nitrogen, phosphorus, and organic carbon (total N, total P, TOC), respectively. Dissolved nutrients and total N and total P were measured according to standard procedures (Grasshoff et al. 1983) . TOC was measured using a TOC analyzer. Water samples were filtered (Whatman GF/C filters), and water chlorophyll a (chl a) content was determined after extraction with 90% methanol (Talling & Driver 1963) . Sediment characteristics. Two 5 cm deep sediment cores with an inner diameter of 1.2 cm per basin and month) were collected and immediately frozen. Total N and C were analyzed using a CHNS-O analyzer. TOC was calculated by subtracting the total inorganic C, obtained by using a calcimetric method (4 h at 450°C) and a CHNS-O analyzer, from total C. Total P of the sediment was measured according to standard procedures (Grasshoff et al. 1983) . Detailed information on physical and chemical patterns during the studied period can be found in Gascón et al. (2006) .
Macroinvertebrates. Macroinvertebrate samples were obtained using an Ekman grab (225 cm 2 ). Two samples were taken for the smallest basins (1 and 3) and 4 samples for the larger basins (2, 4, 5, and 6) each month (Fig. 1 ). Organisms were separated alive from the sediment using a 1 mm mesh size sieve and preserved in 4% formalin until taxonomic identification. All individuals were identified to species level whenever possible. Abundances were estimated by counting all individuals retained in the sieve. At least 25 individuals for each taxon and sample were randomly chosen for measurements. This number of individuals per taxon and sample ensured that more than 80% of individuals were measured in at least 50% of samples. Potential macroinvertebrate predators were identified according to existing literature (Jensen & André 1993 , Tachet et al. 2000 , Berezina 2007 , counted, and measured. Dry mass was estimated from length or biovolume using existing equations for macroinvertebrates (Gascón et al. 2005 and references therein). Total biomass was obtained by summing the dry biomass of all organisms in each sample. See Table 1 for detailed information on taxa, their abundances, biomass, and identification as potential predators. In general, macroinvertebrate total richness in the Empordà salt marshes ranged from 18 to 21 taxa, and the assemblages were typically dominated by few species (Gascón et al. 2008) . Species and size diversity metrics. The species and size diversity were calculated for each sample. The species diversity was assessed by means of the Shannon-Wiener index (H) based on the numerical abundance of each identified taxon (Pielou 1969) , using the following equation: (1) where p i is the probability of finding individuals of taxon i, N i is the number of total individuals of taxon i, and N is the number of total individuals in the sample. S is the total number of taxa found in that sample.
On the other hand, to asses the size diversity (μ), we used the non-parametric estimation proposed by Quintana et al. (2008) , which was computed based on the Shannon diversity expression adapted for a continuous variable, such as body size. This measure takes the form of an integral involving the probability density function of the size of the individuals described by the following equation: (2) where p x (x) is the probability density function of size x. Non-parametric kernel estimation was used as a probability density function, after data standardization using division of sample data by their geometric mean value .
Statistical analyses. Mixed-effects models provide a flexible and powerful tool to analyze data with both fixed and random effects. The fixed effects are variables (biotic and abiotic) in which we are interested in the parameter estimation, while random effects are used to control the variance structure of the response variables (diversity metrics). In our case, random effects are important because our observational study is hierarchically structured (Crawley 2007) , as basins were sampled several times. Moreover, this kind of analysis allowed us to take into account several particularities derived from our field design and survey, such as basin-to-basin variance, inter-annual variability, heteroscedasticity, and autocorrelation. Basin-to-basin variance. In mixed models, random effects influence the variance of the response variables (Crawley 2007 ). In our case, differences among basins could influence diversity values. Moreover, it is particularly useful to consider random effects when 1 or more explanatory variables are correlated due to temporal or spatial pseudoreplication, and consequently, the assumption of independence of errors is not fulfilled. Mixed-effects models deal with this by modeling the covariance structure introduced in the random part of the model (Crawley 2002) . Therefore, random effects that come from the same group could be correlated. In our design, several samples were taken per day and per basin, so we had to consider basin and time in the random part of the models.
Inter-annual variability. In all mixed-effects models, flooding cycle was included to study the robustness of the relationships. Thus, when the interaction between each explanatory variable and the flooding cycle had a significant result, the relationship was considered inter-annually variable, because the relationship between the explanatory variable and the diversity metric was not the same for the 2 flooding cycles.
Heteroscedasticity and autocorrelation. Mixedeffects models permit modeling heteroscedasticity of the within-error group (each basin). Thus, 'VarIdent' variance function structure was used to fit heteroscedastic models, thus allowing different variance for each basin. The need for a heteroscedastic model was tested with a likelihood ratio test (Pinheiro & Bates 2000) . The lack of error independence due to temporal autocorrelation was also checked using the autocorrelation function 'ACF' available in the 'nlme' package (Pinheiro et al. 2007) . No significant autocorrelations (20 lags and with α = 0.01) were obtained for all tested models, indicating that the normalized residuals resulting for each model behaved like uncorrelated noise.
Mixed-effects models. Linear mixed-effects models were used: (1) to identify environmental variables significantly related to diversity metrics; (2) to study whether the diversity metrics are related to a succession process; and (3) to establish the relationship between the 2 diversity metrics. All linear mixed- effects models were calculated with the 'lme' function in the 'nlme' package (Pinheiro et al. 2007 ). 1) Identification and selection of significant environmental variables: Because splitting variables into biologically meaningful subsets improves interpretability, several variable subsets were created: (1) the physical conditions of the water, (2) nutrient availability in the water, (3) nutrient availability in the sediment, and (4) food web characteristics. Subsets 1, 2, and 3 are related to abiotic factors, while subset 4 is related to biotic factors. Several linear mixed-effects models, 1 for each response variable (species or size diversity), and subset of explanatory variables as fixed effects, were executed. Four models were run: model 1 with variables describing physical conditions of water (water level, temperature, and conductivity); model 2 with variables describing nutrient availability in the water (dissolved inorganic nitrogen [DIN: ammonia+ nitrite+nitrate], dissolved reactive phosphorus, total N, total P, and TOC of the water); model 3 with variables describing nutrient availability in the sediment (total N, total P, and TOC); and model 4 with variables describing food web characteristics (predation pressure and resource availability). Predation pressure was assessed as the ratio between macroinvertebrate potential predator biomass and total macroinvertebrate biomass. Resource availability was estimated as the ratio between water chl a and total biomass. In order to know whether the relationship between size diversity and predation pressure was due to a bias because predators were larger, and thus influenced the size distribution, we carried out another model relating size diversity to the geometric mean of potential predator body size. All models included the basin-to-basin variance structure in the random part of the model. Information on each variable (mean ± SD) for the first and second flooding cycles is provided in Table 2 . A natural logarithm was used to transform variables in models 1, 2, and 3, and a square root transformation was used for the ratios of model 4. All variables were re-calculated subtracting their mean (centered), in order to remove correlations among slopes and intercepts (Pinheiro & Bates 2000) .
Following the principle of parsimony, a model simplification procedure was developed to ascertain that the models contained only significant variables. Thus, a model started with all explanatory variables and interaction terms with flooding cycle. The significance of fixed-effect terms was assessed using a conditional Ftest. Then, the least non-significant term (starting with the interactions) was removed. The significance of the resting fixed-effect terms was re-evaluated by means of the conditional F-test, and if there was another nonsignificant term, a new model that excluded that term was created. The level of significance was also adjusted using the Bonferroni correction for multiple testing, in order to control type I errors. This procedure was repeated until the model contained only significant terms. In addition, non-significant explanatory variables that were included in significant interaction terms were not deleted (Crawley 2002) .
Although our models did not indicate which subset was more explanatory, they allowed us to select significant variables within each subset while taking into account all field design particularities. After the variable selection, we used a variation partitioning technique (Borcard et al. 1992) to investigate the relative contribution of each subset of variables (only including significant variables previously identified). The variation partitioning was conducted to determine the contribution of the pure components, extracting the shared variability among subsets. Therefore, after variation partitioning, we obtained the pure effect of each subset and compared their relative importance for each diversity metric. The variation partitioning procedure was carried out with 'varpart' function included 2) Succession process: To study possible succession processes, a model using the diversity metrics as response variables, days after flooding as the explanatory variable, and basin as a random effect was performed. This model was repeated twice, i.e. once for each diversity metric (species and size diversity). Additionally, to check if the relation of the size diversity metric to a succession process was due to the growth of individuals, we carried out another model relating size diversity to the geometric mean of individual biomass, controlling temporal and spatial autocorrelation.
3) Relationship between the 2 diversity metrics: The relationship between size and species diversity was studied using size diversity as the response variable and species diversity as the explanatory variable, and basin-to-basin variance structure was included in the random part of the model.
All statistical analyses were performed using R 2.5.0 (R Development Core Team 2007).
RESULTS
All significant relationships between diversity metrics (both size and species diversity) and the physical conditions of the water (model 1) were interannually variable, since there were significant interactions with flooding cycle in all cases (Table 3) . Moreover, the inter-annual differences were high enough to cause a change in the relationship, and were always negative for the first flooding cycle and positive for the second (Table 4) .
For water nutrient availability (model 2), significant differences in species diversity values were observed between flooding cycles. However, our result showed that the relationship between this metric and TOC in the water was the same for both flooding cycles (Tables 3 & 4) . A significant result was only obtained for size diversity, showing a negative relationship with DIN (Tables 3 & 4) . In this case, the lack of a significant interaction between DIN and the flooding cycles indicates that the relationship is not affected by the inter-annual variability.
There was a significant relationship between species diversity and sediment nutrient availability (Table 3) . Sediment TOC was significantly related to species diversity, but the relationship was not the same in both flooding cycles (Table 4) . Similarly to the case of physical conditions, the inter-annual variability was so high that the relationship changed (Table 4 ). In contrast, none of the variables used in assessing sediment nutrient availability (model 3) was significantly related to size diversity. Different patterns were observed for the 2 diversity metrics when food web characteristics were analyzed (model 4). While size diversity showed a non-interannually variable relationship with predation pressure (Tables 3 & 4) , the relationship observed between this variable and species diversity was different for each flooding cycle (Table 3) . Again, the inter-annual variability was so high that the relationship changed (Table 4) . The relationship found between size diversity and predation pressure was not attributable to a bias due to the body size of predators (i.e. predators being bigger and so influencing the size distribution), because there was no significant relationship between size diversity and the geometric mean of predator body size (F 1,145 Table 3 . Results of mixed-effects models for the diversity metrics. The significance of fixed-effect terms was assessed using the conditional F-test. *Significant after Bonferroni correction p = 0.835). Size diversity was also significantly related to resource availability (Table 3) , and although some inter-annual variability was detected, it did not cause the relationship to change (Table 4) . Variation partitioning results showed that biotic interactions were the most explanatory component for size diversity, while abiotic factors informing about physical water characteristics were the second-most important component (Table 5 ). The importance of water nutrient availability remained almost undetectable for size diversity. The relative importance of these components to size diversity was robust to the inter-annual variability, because in both flooding cycles, biotic interactions explained the highest amount of variance. In contrast, species diversity showed inter-annually variable patterns (Table 5) . For example, biotic interactions were the more explicative component for the first flooding cycle, but their relative importance decreased in the following flooding cycle, and sediment TOC became the most explicative component. Nevertheless, variation partitioning results show the strong effect of biotic interactions, especially for size diversity.
Changes in diversity metrics were not coincident with hydrological disturbances (Fig. 2) . However, our results showed a significant positive relationship between size diversity and succession pattern, which was assessed using days after flooding as the explanatory variable (Table 6 ).
This relationship was the same for both flooding cycles, since a nonsignificant interaction existed between days after flooding and flooding cycle. The succession pattern observed in size diversity was not significantly related to the geometric mean of individual biomass (F 1,165 = 0.561; p = 0.455). As a consequence, the succession pattern observed in size diversity could not be ascribed to the growth of individuals, because a significant increase in average sizes of individuals was not observed along succession (Fig. 3) . On the other hand, species diversity did not show a succession pattern, because no significant relationship was found between this metric and days after flooding. Nevertheless, both diversity metrics showed interannual variability (Table 6) .
Despite the inter-annual variability observed, a significant positive relationship (slope = 0.42; SE = 0.065; Variables that had no significant main effect but had significant interaction;
c Variables that had a significant main effect but no significant interaction -overall slope only is shown because no significant differences were detected for the slopes of each flooding cycle Table 4 . Slope values for each flooding cycle of variables retained in each mixed-effects model (1: water physical conditions; 2: water nutrient availability; 3: sediment nutrient availability; and 4: food web characteristics) and each diversity metric (size diversity: μ; and species diversity: H). Explanatory variables are defined in Table 3 . The t-test obtained from each mixed-effects model, indicating the significance of the differences between slopes, is also shown. *Significant after Bonferroni correction Model Species diversity (H) Size diversity (μ) 1997-1998 1998-1999 1997-1998 1998- Table 5 . The pure explained variation of each variable subset containing only significant variables selected on regression models (1: water physical conditions; 2: water nutrient availability; 3: sediment nutrient availability; 4: food web characteristics). An unbiased estimator of each component (AdjR 2 ; 0 to 1) is shown. Significance was obtained after Monte Carlo permutation tests (199 permutations; * p < 0.1, ** p < 0.05, *** p < 0.001). Explanatory variables are defined in Table 3 F 1,165 = 6.560; p < 0.0001) was detected between the 2 diversity metrics (size diversity and species diversity), which was the same for both flooding cycles (Fig. 4A) . Thus, size spectra that were highly dominated by few size classes were expected at low species diversity values (e.g. Fig. 4B ), while at higher species diversity values, wide ranges of size classes that were not clearly dominated by few size classes were expected (e.g. Fig. 4C ).
DISCUSSION

Importance of biotic interactions and abiotic factors
Three types of explanatory variables were distinguished according to the relationship observed with the diversity metrics: (1) those that did not show any significant relationship, which indicates that they had no relationship with the diversity metric, (2) those with a significant relationship that was inter-annually variable (significant interaction with flooding cycle), and (3) those with a significant relationship that was not inter-annually variable (interaction with flooding cycle was not significant).
Inter-annually variable relationships were detected for both size and species diversity. Moreover, variation partitioning analyses showed that the relative importance of factors affecting species diversity also changed between flooding cycles, which is not the case for size diversity. In this sense, a previous study conducted in the same salt marshes, which analyzed the effect of a severe drought that occurred between the flooding cycles considered here, concluded that the severe drought affected both the relative abundances and the taxonomic composition of macrobenthic fauna, and as a consequence, the species diversity values changed (Gascón et al. 2007a) . Therefore, the observed interannual variability of the relationships established with species diversity may be explained by some particularities related to the different effects of the studied period on environmental processes that directly affected species composition, which made them poorly generalized. For example, the severe drought between the studied flooding cycles caused a decrease in the abun- Table 6 . Results of mixed-effects models for the diversity metrics and succession pattern, assessed using days after flooding. The significance of fixed-effect terms was assessed using the conditional F-test. NS: not significant Dec 1997 Jan 1998 Feb 1998
Mar 1998
Apr 1998
Jun 1998 [1997] [1998] . The geometric mean of body size (µg) is shown in brackets. Potential predator biomass in black, non-predator biomass in grey dance of organisms without adaptations to survive or avoid desiccation (Gascón et al. 2008) . On the other hand, an inter-annual variability effect on size diversity was only detected in the relationship established with the physical conditions of the water (depth and conductivity). Inter-annual differences between the studied flooding cycles for these variables have been previously analyzed. During the dry flooding cycle, water levels were significantly lower, and the desiccation process was more extreme, implying a higher increase in conductivity in the final part of the hydroperiod compared to the wet flooding cycle (Gascón et al. 2008) . This combination of characteristics may lead to different relationships with size diversity that may be also site specific, and so of local interest.
In contrast, relationships of the third type that showed no inter-annual changes may be considered robust to the environmental particularities that occurred during our study period, and so generalized patterns could be deduced. In this sense, only water TOC showed a robust relationship with species diversity, while days after flooding, DIN, and predatory pressure showed a robust relationship with size diversity.
The negative response of species diversity to water TOC may be explained because this system had benthic assemblages characterized by a high dominance of few species during stable conditions (Gascón et al. 2007b ), mainly at the end of flooding cycles when a high level of TOC in water was also reported (Gascón et al. 2006) . In these conditions, high TOC values and low species diversities are not related to productive events during water and nutrient inputs, but to concentration episodes due to evaporation during confinement.
Size diversity responded negatively to increases in DIN. These salt marshes have low nitrogen/phosphorus ratios, which link the availability of dissolved nitrogen to production (Quintana et al. 1998 ). Thus, this negative relationship could be a consequence of a decrease in size diversity with productivity. Similar relationships between size distribution and nutrient availability have also been reported in stream benthic communities (Morin et al. 2001 ). According to this work, sites with high nutrient availability show a similar range of sizes but with a higher dominance of a few sizes (that is, with a low size diversity).
Size diversity is the only diversity metric that had an inter-annually robust response to any of the biotic factors analyzed. Our results showed that benthic size diversity increased with predation pressure, which supports the extended idea that body size differences are important for the strength and type of interaction among species (e.g. Woodward & Hildrew 2002) . Surprisingly, previous work that focused on zooplankton communities found the opposite pattern to our results (Badosa et al. 2007 ). However, the predation effect in that study was due to fish predation, that is, caused by organisms of a higher trophic level that were not included in the size distribution analyzed. In contrast, the predation pressure analyzed herein was due to macroinvertebrate predation, and therefore was included in the size distribution analyzed. These differences suggest that predation may cause 2 opposite effects on size distribution. Predation by organisms of a higher trophic level may narrow the size structuring of the predated assemblage by removing individuals of specific sizes (generally the largest). However, our results showed that macroinvertebrate predation may favor a size-structured assemblage, with a broader size spectrum not dominated by particular sizes, thus implying higher size diversity values. Accordingly, Woodward & Hildrew (2002) , studying intraguild predation effects, demonstrated that larger predators used prey from a larger size spectrum, hence they would potentially affect several prey sizes, producing a broadening of the overall size spectrum. The relationships between diversity metrics and water nutrient availability were not significant on their own, because when all environmental variables were taken into account (variation partitioning results) water nutrient availability did not significantly explain any portion of benthic diversity variability observed for both species and size approaches. In contrast, food web characteristics were significant on their own, in both flooding cycles and for both diversity metrics. This result may suggest that, as we expected, biotic interactions are significant structuring forces in these abiotically filtered systems.
Community structuring processes
The positive correlation found between size diversity and the number of days after flooding agrees with a progressive increase in size diversity during succession, which is not observable in the species diversity pattern. This suggests that macrobenthic assemblages of these coastal lagoons tend to have progressive structuring based on size distribution rather than on species composition. The relationship between size diversity and productivity (DIN) suggested above also supports this interpretation. This progressive structuring is not linked to a biomass increase of individuals, since no significant relationship was found between size diversity and population biomass. Similar patterns have been described for zooplankton communities in the same type of ecosystems, with strong decreases in species diversity and increases in size diversity during succession (Brucet et al. 2006) .
It has been pointed out that species diversity influences the functioning of the overall ecosystem (Hector & Bagchi 2007) . However, using it to describe functional processes may be misleading, because the taxonomic identity of organisms is not necessarily related to their functional role. Our results showed inconsistent patterns between species diversity values and biotic factors. It has been argued that this relation does not occur for several reasons, such as primary control by abiotic factors, dominance of ecosystem effects by a single species that was not removed, or strong overlap of resources used by different species (Hooper et al. 2005 and references therein). In our study, the third explanation seems the most plausible, because many abundant species such as Nereis diversicolor, Chironomus salinarius, and Gammarus aequicauda can feed on detritus, and so had some niche overlap. This finding is in accordance with Barbone et al. (2007) , who also described a lack of relationship between relative abundance and niche-partitioning of salt pan macroinvertebrate species. This overlap is not unique to Mediterranean salt marshes, because organisms inhabiting abiotically filtered environments tend to have niche overlaps (e.g. Statzner et al. 2004) .
Several studies have already recognized the importance of body size in food web functioning (e.g. Dickie et al. 1987 , Ichinokawa & Mac Takahashi 2006 . Our study suggests that size diversity is more sensitive to biotic factors than species diversity is, as is the case for zooplankton communities in these ecosystems (Badosa et al. 2007 ). Moreover, the relationships established between food web descriptors with the size-based approach were more inter-annually stable than with the taxonomic approach. Accordingly, a previous study stated that body-size abundance distributions are less variable than taxonomic composition (Basset et al. 2004) . As a consequence in abiotically filtered environments, dominated by few tolerant species, size-based interactions become especially relevant because they give a complementary understanding of the processes dealing with community structuring. 
